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A B S T R A C T   

The role of heterotrophic and nitrifying microorganisms in the (co-)metabolic biotransformation of 10 phar
maceutically active compounds (PhACs) was investigated. To this aim, biotransformation assays were performed 
with heterotrophic and nitrifying sludge developed separately in a two-stage full-scale activated sludge system. 
Each stage was operated at different inflow wastewater characteristics and sludge retention times (on average 8 
d and 35 d). The biotransformation capacity of each sludge was evaluated in the absence of primary substrate 
and in the presence of acetate and ammonium, to independently elucidate the co-metabolic role of heterotrophs 
and nitrifiers present in both sludges. Trimethoprim, diclofenac and carbamazepine were recalcitrant (removal 
< 5% after 1 d; biotransformation rate < 50 µg/g VSS⋅d) under all the tested conditions. High concentrations of 
caffeine, acetaminophen and iopromide were quickly biotransformed (> 80% after 1 d; > 800 µg/g VSS⋅d) in the 
absence of primary substrates. The heterotrophic sludge only showed a co-metabolic effect towards erythro
mycin, which increased its biotransformation rate between 43% and 53% when acetate and ammonium were 
supplied. In contrast, when stimulated, nitrifiers and slow-growing heterotrophs present in the nitrifying sludge 
co-metabolically biotransformed acetaminophen, ibuprofen and naproxen to a significant extent. Sulfamethox
azole was recalcitrant, except when the nitrifying sludge was fed with acetate (> 800 µg/g VSS⋅d), suggesting 
that slow-growing heterotrophs co-metabolically biotransformed it. This study provides evidence that 
biotransformation of PhACs depends on several metabolic activities, as the heterotrophic activity of the nitrifying 
sludge, which are not only determined by the SRT but also by the feeding composition.   

1. Introduction 

Organic micropollutants, such as pharmaceutically active com
pounds (PhACs), are continuously being released into the environment 
from effluents of wastewater treatment plants (WWTPs) [1]. Despite 
their relatively low concentrations, these compounds pose deleterious 
ecological effects. For instance, the persistence of antibiotics in the 
environment has been linked to the emergence of antibiotic-resistant 
bacteria and the spread of resistance genes in the environment [2]. 
The presence of these pollutants in drinking water sources is also of 
concern and concentration limits will likely be established in the near 

future [3,4]. Consequently, their release through WWTP effluents will 
be also restrained. 

Significant research efforts have been conducted to tackle the 
removal of organic micropollutants in WWTPs. The identification and 
isolation of different bacterial strains capable of degrading several 
organic micropollutants co-metabolically in the presence of primary 
substrates [5-9] or metabolically, as growth substrate [10-12], suggest 
that the composition of microbial communities in WWTPs can influence 
the pathway and extent of micropollutant biotransformation. However, 
the underlying biological mechanisms (metabolism or co-metabolism) 
and the driving factors behind the biotransformation of most organic 
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micropollutants in activated sludge reactors are still unclear [13,14], 
hampering the development of models to predict their removal effi
ciencies and concentrations in WWTP effluents [15]. 

Several studies have investigated the influence of operational pa
rameters and the type of biomass on the biotransformation of micro
pollutants in activated sludge systems [16-21,1]. Yet, most of the 
differences found in their removal efficiency remain unexplained [1]. 
Part of these variabilities has been attributed to the change of the sludge 
retention time (SRT). Operating activated sludge reactors at longer SRT 
[21,22] results in more diverse bacterial populations and a higher pro
portion of autotrophic ammonia oxidizing microorganisms (AOMs) due 
to their low specific growth rates. Along with the SRT, the feeding 
composition (e.g., C:N ratio and degradability of the carbon source) and 
the hydraulic retention time (HRT) are key for the growth of the 
different microbial populations, as they determine organic and nitrogen 
loading rates, and consequently the relative composition of heterotrophs 
and nitrifiers in activated sludge [23,24]. In addition, the type of growth 
substrate may alter the catabolic enzymes expressed by a community, 
thus influencing the metabolic and co-metabolic capacity to bio
transform PhACs [24]. Nevertheless, the effect of the feeding composi
tion is by far the less unexplored parameter in activated sludge systems. 

Nitrifying conditions (long SRT and low C:N ratio) seem to be more 
effective than heterotrophic conditions (short SRT and high C:N ratio) 
for the biotransformation of some micropollutants [17,21], particularly 
those that undergo oxidative transformations [25]. Although most 
studies associate biotransformation with the main metabolic activity of 
the sludge, according to some authors, the higher removal rates 
observed at high SRT cannot be strictly linked to the action of nitrifiers 
[16,26,17,8]. Actually, some studies suggest that improved removal of 
PhACs in nitrifying reactors is not due to the presence of nitrifiers but to 
the expansion in the composition of the heterotrophic bacterial com
munity developed [27,28]. This is consistent with the ecological theory, 
which postulates that greater diversity independent of metabolic func
tion, associated with longer SRTs, correlates positively with overall rates 
of transformation [29]. 

As highlighted by Tran et al. [1], there are many PhACs with a 
removal range between 0% and 100%. This lack of reproducibility 
among WWTPs and activated sludge systems reveals that the biological 
mechanisms and factors behind the biotransformation of most PhACs 
remain unclear. In this regard, the present study aims to clarify the role 
of heterotrophic and nitrifying microorganisms developed at different 
operational conditions (i.e., SRT, HRT and feeding composition) on the 
metabolic or co-metabolic biotransformation of PhACs. Moreover, it is 
pursued to elucidate if heterotrophs or nitrifiers are also relevant in the 
biotransformation of PhACs when they do not represent the main mi
crobial activity of the sludge. This is an essential knowledge to promote 
the biotransformation capacity of activated sludge systems and to pre
dict the behaviour of PhACs in WWTPs. 

2. Materials and methods 

2.1. Selected organic micropollutants 

All biotransformation assays were spiked with acetaminophen 
(ACM), caffeine (CAF), carbamazepine (CBZ), diclofenac (DCF), 
anhydro-erythromycin (ERY), ibuprofen (IBP), iopromide (IOP), nap
roxen (NPX), sulfamethoxazole (SMX) and trimethoprim (TMP). The 
methanol present in the spike of PhACs was evaporated completely 
before introducing the biomass into the corresponding experimental 
flask. Higher concentrations than those typically found in raw sewage 
were used (1 mg/L) to be able to assess if biotransformation could occur 
through metabolism or co-metabolism and to facilitate the identification 
of transformation products. According to Su et al. [30], biotransforma
tion kinetic rates would not be significantly impacted at these 
concentrations. 

2.2. Activated sludge 

The activated sludge used in this study was collected from a full-scale 
WWTP in the city of Amherst, NY, USA, treating more than 110,000 m3/ 
d. The water line has two aerobic biological units supplied with oxygen 
in series (scheme provided in Fig. S1 of in Supplementary Information): 
stage 1 removes organic matter (75% of the influent biological oxygen 
demand- BODinf = 68 mg/L) and operates at a HRT of 1 h and SRT of 8 ±
4 d, while stage 2 has the purpose of achieving nitrification and removal 
of slowly biodegradable organic matter (BOD decreases approximately 
from 17 mg/L to 6 mg/L), and operates at a HRT of 2 h and SRT of 35 ±
14 d. Each stage has its own settler (to avoid mixing of both sludges) 
leading to the development of two different types of biomass. The 
activated sludge in stage 1 (AS1) will be predominantly heterotrophic, 
while the sludge in stage 2 (AS2) should develop highly nitrifying bac
terial community. 

Four samples of AS1 and AS2 were collected from the Amherst 
WWTP at different days to measure their heterotrophic and nitrifying 
activities. Within 6 h after collection, respirometric assays were per
formed in a 300 mL continuously stirred vessel, at room temperature 
(22 ◦C) and with activated sludge at similar concentrations to those 
found in stage 1 and 2 reactors (approximately 1.0 g VSS/L of AS1 and 
0.5 g VSS/L of AS2). The activated sludge was previously aerated for 48 
h to allow the complete removal of residual substrates. After saturation 
with air, the endogenous respiration rate was first determined before 
spiking the substrate for each assay. Then, 200 mg COD/L of sodium 
acetate or 20 mg N/L of ammonium chloride and 34 mg C/L of sodium 
bicarbonate were injected as substrate. The decrease in dissolved oxygen 
(DO) with time was monitored with a YSI Model 54A oxygen meter. 
Specific oxygen uptake rates due to acetate oxidation and to ammonia 
oxidation were calculated based on linear regression analysis to deter
mine the heterotrophic and nitrifying activities, respectively. 

2.3. Biotransformation assays 

Three experiments with PhACs were performed with both activated 
sludges (AS1 and AS2) under different feeding conditions (Table S1). In 
total, six biotransformation assays were conducted in 2 L flasks (Fig. S1):  

• Control. No primary substrate was added in this experiment to assess 
the biotransformation of PhACs in the absence of readily biode
gradable substrates.  

• Activation of heterotrophs. Sodium acetate was supplied as readily 
biodegradable organic substrate, applying organic loading rates of 
921 and 150 mg COD/g VSS⋅d to the AS1 and AS2, respectively.  

• Activation of nitrifiers. Ammonium chloride was added at nitrogen 
loading rates of 15 and 120 mg N/g VSS⋅d to AS1 and AS2, respec
tively. Sodium bicarbonate was added at a rate of 32 and 255 mg C/g 
VSS⋅d, respectively, in order to maintain a C:N ratio of 1:7. 

In addition to these biotransformation assay, two control assays 
without PhACs were performed to evaluate their possible inhibitory 
effect over the activity of AS1 and AS2. The biomass concentration set in 
all the experiments (Table S2) were based on the real concentration 
measured in the oxygen transfer basins of stage 1 (1.0 g VSS/L) and stage 
2 (0.5 g VSS/L). Moreover, AS1 and AS2 were aerated for 48 h to allow 
for the complete removal of residual substrates. Then, feeding was 
carried out in fed-batch conditions at feeding rates according to the 
maximum heterotrophic and nitrifying activities determined by respi
rometry (Table 1), thus maintaining the selected bacterial population 
active and preventing substrate limiting conditions (Table S1). 

The experiments were run at room temperature (22 ◦C) for 5 days 
and sufficient aeration was provided to keep DO concentration close to 
saturation (8.5 mg/L). Since these parameters may exert an influence on 
the biotransformation of organic micropollutants [31], they were 
maintained constant and equal in all experiments in order to study the 
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sole effect of the feeding conditions. On average, the pH value 
throughout the assays was 8.0 ± 0.5. The performance of the experi
ments was monitored by measuring several conventional parameters: 
pH, DO, ammonia, nitrite, volatile and total suspended solids (VSS and 
TSS), dissolved organic carbon and chemical oxygen demand (COD). 

The specific heterotrophic activity of these experiments was assessed 
in terms of Organic Removal Rate (ORR), which was calculated as the 
difference between the organic loading rate applied and the concen
tration of dissolved organic carbon measured at the end of the assay in 
COD units and divided by the concentration VSS and the assay duration. 
The specific nitrifying activity was assessed in terms of Nitrification Rate 
(NR), which was calculated as the maximum slope in the N-NO3

− pro
duction divided by the concentration of VSS of the assay. 

Between 9 and 11 samples of the liquid phase were taken over time 
during the 5-day experiments to quantify the concentration of PhACs. 
Even if PhACs were not determined in the solid phase, we can generally 
assume minor sorption onto the biomass (< 5–10% of the total amount 
of PhAC) because all target compounds used in this study are known for 
their low solid-liquid partition coefficients (Table S3 in Supplementary 
Information) and low biomass concentrations were used in the experi
ments with AS1 (0.99–1.15 g VSS/L) and AS2 (0.51–0.55 g VSS/L). 
Moreover, biotransformation rates are usually estimated with the dis
solved concentration of micropollutants [32], which is in constant 
equilibrium with the sorbed fraction; thus, the analysis of the results will 
not be impaired. 

2.4. Analytical methods 

2.4.1. PhACs and transformation products 
The concentrations of PhACs and several transformation products 

(TPs) were determined using liquid chromatography with tandem mass 
spectrometry (LC-MS/MS). Quantification was based on isotope dilution 
method using pharmaceutical analogues that are labelled with either 
deuterium or C-13 stable isotopes (Table S4) purchased from Cambridge 
Isotope Lab and Sigma Aldrich. Samples of 1.5 mL were collected from 
the biotransformation assays, filtered through 0.45 µm polypropylene 
filters and stored at 4 ◦C. The separation was carried out using an Agilent 
1100 Series HPLC (with a degasser and quaternary pump system), 
equipped with a Thermo Beta Basic-18 column (100 mm × 2.1 mm and 
3 µm particle size). The column temperature was maintained at 25 ◦C. A 
20 µL sample was injected; the mobile phase consists of 0.3% formic acid 
and acetonitrile at a flowrate of 0.2 mL/min. The optimized elution 
method started at 10% acetonitrile and 90% formic acid maintained for 
2 min. Then, the solvent was linearly ramped to 95% acetonitrile and 5% 
formic acid for 12 min; this composition was maintained for 9 min, then 
was brought down to 10% acetonitrile and 90% formic acid, and kept for 
8 min to equilibrate the column back to its initial condition. Detection of 
analytes was carried out by an Agilent 6410 Triple Quad LC-MS/MS 
using an electrospray source in positive ionization mode. The mass 
spectrometer had a 12 L/min sheath gas flow (N2) at 300 ◦C that des
olvated the sample in the source, as it was sprayed from the capillary at 
45 psi and 4000 V. Data were processed using the Mass hunter™ soft
ware package that came with the LC-MS/MS instrument. Peak identifi
cation and analyte quantification were accomplished by monitoring 
retention times, the ratio of the quantifier and qualifier ions obtained 

under multiple reaction monitoring (MRM), and the relative signal of 
the analyte’s base peak with its corresponding isotopically-labelled 
surrogate. Information about the optimized MRM transitions, collision 
energies used, instrument detection limits, and the expected retention 
times for each compound are listed in the Supplementary Information 
(Table S4). 

2.4.2. Conventional parameters 
Conventional parameters of wastewater treatment were determined 

throughout the biotransformation experiments. The solution pH was 
determined using an Accumet AR20 pH/conductivity meter. Dissolved 
oxygen (DO) was determined with a YSI Model 54A oxygen meter. 
Ammonia nitrogen was determined spectrophotometrically following 
Bower/Holm-Hansen method [33]. Nitrite, nitrate, volatile and total 
suspended solids (VSS and TSS) concentrations were determined ac
cording to Standard Methods [34]. Dissolved organic carbon was 
determined using a Shimadzu analyzer (TOC-5000). Chemical oxygen 
demand (COD) was estimated from dissolved organic carbon results 
according to the ratio of 2.66 mg COD/mg C between the theoretical 
COD and the organic carbon of sodium acetate. 

2.5. Biotransformation rate and statistical analysis 

To increase statistical sensitivity, pairwise comparisons are based on 
the biotransformation rate (estimated with 9–11 experimental samples) 
rather than removal efficiencies of PhACs. Assuming that PhACs follow 
pseudo-first-order kinetics [1], biotransformation rates (rb, µg 
PhACs/L⋅d) can be calculated according to Eq. (1). 

rb =
dCW

dt
= kbiol⋅XVSS⋅CW (1)  

where, 
kbiol is the biodegradation kinetic constant (L/ g VSS⋅d). 
CW represents the concentration of PhACs in the water phase (µg/L). 
XVSS is the concentration of volatile suspended solids (g VSS/L). 
Biotransformation rates of PhACs were determined by regression 

analysis of concentration data against time using the LINEST function of 
Excel. The uncertainty of the biotransformation rate is calculated in 
terms of the standard error of the regression. Since pseudo-first-order 
kinetics depend on the biomass concentration, to have more compara
ble results, specific biotransformation rates (rsb, µg PhAC/gVSS⋅d) were 
preferred in this study (Eq. (2)). 

rsb =
rb

XVSS
(2) 

Significant differences (p ≤ 0.05) between two specific biotransfor
mation rates were calculated by the Student’s t-test [35]. 

3. Results and discussion 

3.1. Heterotrophic and nitrifying activities 

3.1.1. Biological activities of the sludge 
The respirometry tests performed to determine the biological activ

ities of the two types of activated sludge from the Amherst WWTP 

Table 1 
Operational conditions in Stage 1 (organic matter degradation) and Stage 2 (nitrification) of the biological treatment of Amherst WWTP and metabolic activities of the 
activated sludge from each stage (AS1 and AS2, respectively) determined by the respirometry tests detailed in Section 2.2.    

Heterotrophic sludge (AS1) Nitrifying sludge (AS2) 

Operational conditions 
HRT (h) 1 2 
SRT (d) 8 35 

Microbial activities 
Heterotrophic (mg O2/g VSS⋅d) 727 ± 62 152 ± 71 
Nitrifying (mg N-NH4

+/g VSS⋅d) 10 ± 1 117 ± 12 
Endogenous (mg O2/g VSS⋅d) 232 ± 27 72 ± 30  
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(Table 1) confirmed that the biomass collected from stage 1 (AS1, 
SRT = 8 d) was predominantly heterotrophic (727 ± 62 mg O2/g 
VSS⋅d), displaying very low nitrifying activity (9 ± 1 mg N-NH4

+/g 
VSS⋅d). On the contrary, nitrifying activity was much higher 
(117 ± 12 mg N-NH4

+/g VSS⋅d) in the activated sludge from stage 2 
(AS2, SRT = 35 d) with lower heterotrophic activity (152 ± 71 mg O2/g 
VSS⋅d). Heterotrophs in AS2 are responsible for degrading part of the 
recalcitrant organic matter not consumed by AS1 in stage 1. Therefore, 
as expected, the difference in the sludge age and feeding characteristics 
lead to different microbial compositions and activities in the activated 
sludge from bioreactors of stage 1 and 2. 

3.1.2. Heterotrophic and nitrifying activities in the biotransformation 
assays 

Heterotrophic and nitrifying populations in the two types of sludge 
(AS1 and AS2) were preferentially activated by feeding acetate and 
ammonium during the biotransformation experiments with PhACs. The 
specific activities along the six biotransformation assays were assessed 
in terms of Organic Removal Rate (ORR) and Nitrification Rate (NR) 
(Fig. 1). More details about the concentrations of ammonium, nitrite, 
nitrate and dissolved organic carbon are displayed in Figs. S2 and S3 of 
the Supplementary Information. As expected, the heterotrophic sludge 
developed at low SRT (AS1) reached the highest ORR (665 mg COD/g 
VSS⋅d) in the experiment fed with acetate (heterotrophic conditions), 
which corresponds to 72% removal of the total organic loading rate 
applied (921 mg COD/g VSS⋅d) (Fig. 1). As shown in Fig. S2, this 
effectiveness is higher at the beginning of the experiment when 
remaining nitrogen from the sludge is present. Yet, despite supplying 
extra nitrogen could increase the heterotrophic activity, it could also 
enhance nitrifiers, and thus hinder our objective. Consequently, a minor 
NR was achieved in the experiments performed with AS1; only a slight 
increase is observed when ammonium was supplied. The nitrifying 
sludge developed at high SRT (AS2) showed a clear maximum of ORR 
(125 mg COD/g VSS⋅d) under heterotrophic conditions (acetate supply), 
corresponding to an organic matter removal efficiency of 83%, and a 
maximum NR of 37 mg N/g VSS⋅d under nitrifying conditions, one order 

of magnitude higher than that achieved with AS1. 
Prior to the biotransformation experiments, AS1 and AS2 were 

aerated for 48 h to allow complete removal of residual substrates. The 
remaining concentrations of organic matter and ammonium nitrogen 
after this aeration period were very low: 7.2 mg N-NH4

+/L and 22.1 mg 
DOC/L in AS1 and ˂0.01 mg N-NH4

+/L and 9.7 mg DOC/L in AS2. 
Therefore, although almost no readily biodegradable substrate was 
present in the control experiments, microbial lysis released organic 
matter and ammonium nitrogen (Figs. S2 and S3), which could explain 
the low but still noticeable ORR and NR of the control assays (Fig. 1). 
Similarly, the heterotrophic activity observed under nitrifying condi
tions (no organic carbon was supplied) and the nitrifying activity 
detected under heterotrophic conditions (no nitrogen was supplied) 
with AS1 and AS2 (Fig. 1) might be mostly due to microbial lysis. 
Finally, it should be highlighted that the main biological activities of 
AS1 and AS2 were very similar in the control assays performed with and 
without PhACs. According to bibliographic data, it was not expected a 
substantial inhibitory effect of the selected PhAC concentrations in the 
activated sludge activities [36-39]. 

According to the previous results (Table 1 and Fig. 1), the control 
assays with PhACs will be useful for elucidating the metabolic or co- 
metabolic biotransformation capacity of a heterotrophic sludge (AS1) 
versus a nitrifying sludge (AS2) at low biological activities. Moreover, 
Fig. 1 reveals that the main metabolic activity of AS1 (heterotrophic) 
and AS2 (nitrifying) was clearly promoted by feeding acetate and 
ammonium, respectively. Therefore, the comparison between the 
biotransformation results obtained in these assays with the control will 
provide insights on the heterotrophic and nitrifying co-metabolism of 
the selected PhACs. Moreover, it was demonstrated that heterotrophs 
are also present in AS2 and nitrifying bacteria in AS1 (Table 1 and 
Fig. 1); thus, the co-metabolic role of these secondary sludge activities 
on the biotransformation of PhACs could be investigated in the experi
ments with acetate and ammonium supply to AS2 and AS1, respectively. 

3.2. Biotransformation of PhACs by the heterotrophic and nitrifying 
sludge 

Fig. 2 shows the specific biotransformation rates of the 10 selected 
PhACs in the control assays (no feeding) performed with the hetero
trophic sludge (AS1) and the nitrifying sludge (AS2). According to their 
behaviour, the PhACs can be classified into three groups: (i) compounds 
quickly biotransformed (> 800 µg/g VSS⋅d and removal > 80% after 1 
d) at least in one of the sludges, i.e., ACM, CAF, and IOP; (ii) compounds 
slowly biotransformed (100–400 µg/g VSS⋅d and removal 10–40% after 
1 d) at least in one of the sludges, i.e., IBP, ERY and NPX; and (iii) 
persistent PhACs (< 50 µg/g VSS⋅d and removal < 5% after 1 d) in both 
activated sludges, i.e., SMX, CBZ, DCF and TMP. 

3.2.1. Biotransformed PhACs 
Overall, the biotransformation results obtained in this study for 

PhACs of group (i) and group (ii) agree with those reported in real 
WWTPs [1]. In fact, among the 60 emerging micropollutants reviewed 
by Tran et al. [1], ACM followed by CAF, presented the highest 
biodegradation kinetic constant. In the case of IBP, it varied among the 
moderate-high range, and the biotransformation kinetics of IOP, ERY 
and NPX was considered moderate, although IOP often achieved high 
removal efficiencies. 

As shown in Fig. 2, except for CAF and NPX, the biotransformation 
rate of group (i) or group (ii) of PhACs depend on the sludge type 
(differences were statistically significant according to Student’s t-test; 
p ≤ 0.05); that is to say, they were affected by the microbial composition 
of the biomass. The biotransformation rates achieved by the heterotro
phic sludge (AS1) were significantly higher than those obtained by the 
nitrifying sludge (AS2) in the case of ACM and ERY; in fact, ERY was not 
removed at all by AS2. On the contrary, quicker biotransformation in the 
control experiment performed with AS2 was observed for IBP and IOP, 
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which was hardly removed by AS1. Therefore, depending on the com
pound, biotransformation could be favoured either under heterotrophic 
or nitrifying conditions. However, as previously mentioned, the differ
ences among AS1 and AS2 are not only due to the SRT but also to the 
differences in the feeding characteristics (AS2 is fed with the resulting 
effluent treated with AS1), which might also affect the microbial 
composition and the enzymatic activities. Consequently, the effects 
observed on the biotransformation of PhACs cannot be directly linked to 
the SRT. In fact, the relationship between SRT and biotransformation is 
still a controversial topic in the literature. For instance, a positive cor
relation between longer SRT and better biotransformation of PhACs has 
been reported for IBP [40], NPX [21,27], and IOP [26]. However, the 
opposite trend, where shorter SRT resulted in higher biotransformation, 
was also reported for IBP [23,41], NPX and CAF [41]. These discrep
ancies in the literature suggest that the SRT is not the only governing 
factor that should be considered in delineating the microorganisms 
responsible for the biotransformation of PhACs [23]. Other factors, such 
as substrate composition, might change the metabolic activities of the 
microbial community, and thus their biotransformation capacity [13]. 

3.2.2. Persistent PhACs 
Although some significant differences were found in the biotrans

formation rates (Fig. 2) of PhACs from group (iii), the values were very 
low and almost no biotransformation (< 5% after 1 d) was observed. 
Therefore, it can be stated that all PhACs from group (iii) presented a 
similar behaviour with both types of activated sludge. Moreover, as 
shown in Table 2, except for SMX which will be further discussed in the 
next section, CBZ, DCF and TMP were also recalcitrant under all tested 

conditions. The recalcitrance of these three compounds is widely sup
ported in the literature. For instance, the anti-epileptic drug CBZ proved 
to be very persistent in WWTPs and the environment [1,42]. Even at 
long SRTs, obtained in biological treatments designed for nutrient 
removal or in membrane bioreactors, no biotransformation of CBZ has 
been observed [17,43,21]. 

Regarding the anti-inflammatory drug DCF, the reported removal 
efficiencies support its low biotransformation potential in conventional 
activated sludge systems [44,45] and throughout WWTPs [23]. How
ever, in some particular circumstances, the biotransformation of DCF 
seems to be improved; for instance, at long SRTs in membrane bio
reactors [46], and under nitrifying conditions [17,21]. These results 
cannot be generalized, since other authors found opposite trends. Ac
cording to Gallé et al. [23], the removal of DCF seems to be quite in
dependent of operational parameters. 

Likewise, although the antibiotic TMP has been usually regarded as 
difficult to remove in activated sludge systems [47] and throughout 
WWTPs [42], some studies have obtained relevant biotransformation 
efficiencies at diverse conditions: high nitrifying activities [8,17]; het
erotrophic conditions [19]; a membrane bioreactor with high SRT [48] 
and an activated sludge system with low SRT and phosphorus accu
mulating organisms [20];. 

Our results, and the comparison with other studies, confirm that 
neither heterotrophic nor nitrifying activities may improve the 
biotransformation of some PhACs. This behaviour is observed when the 
PhACs have a highly stable chemical structure (e.g., CBZ), or when their 
biotransformation depends on physiological capabilities and/or micro
organisms not limited by the SRT or the feeding composition (e.g., DCF 
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Fig. 2. Biotransformation rate of PhACs attained by the heterotrophic (AS1) and nitrifying (AS2) activated sludge in the control experiments (no addition of primary 
substrate). Error bars represent standard error values of the biotransformation rate calculated considering 10–11 experimental points for AS1 and 9 experimental 
points for AS2. The asterisks highlight those PhACs whose biotransformation rates (with AS1 and AS2) are significantly different (p ≤ 0.05). 

Table 2 
Biotransformation rates (µg/g VSS⋅d) of PhACs by the heterotrophic (AS1) and nitrifying (AS2) sludge in the control assays and under heterotrophic and nitrifying 
conditions.   

Biotransformation rate (µg/g VSS⋅d)  

Heterotrophic sludge (AS1) Nitrifying sludge (AS2)  

Control Heterotrophic conditions Nitrifying conditions Control Heterotrophic conditions Nitrifying conditions 

ACM 5202 ± 200 4656 ± 400 5102 ± 400 852 ± 80 1950 ± 130 1837 ± 70 
CAF 860 ± 30 478 ± 40 840 ± 50 866 ± 60 1004 ± 70 458 ± 50 
IOP 105 ± 20 80 ± 6 87 ± 10 3647 ± 1000 1627 ± 500 1210 ± 300 
IBP 212 ± 30 150 ± 30 192 ± 30 389 ± 60 2006 ± 300 1921 ± 100 
ERY 195 ± 10 280 ± 30 298 ± 20 15 ± 10 62 ± 20 93 ± 30 
NPX 99 ± 10 44 ± 9 81 ± 7 66 ± 20 616 ± 30 363 ± 80 
SMX 25 ± 10 38 ± 10 29 ± 9 – 858a ± 300 16 ± 10 
CBZ 28 ± 10 36 ± 10 37 ± 10 7 ± 5 7 ± 7 9 ± 9 
DCF – 3 ± 9 1 ± 6 11 ± 10 11 ± 10 31 ± 10 
TMP 44 ± 10 55 ± 10 48 ± 10 – – –  

a Biotransformation rate was calculated after the 2-days lag phase observed in Fig. 5. 
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and TMP). 

3.3. Stimulation of the co-metabolic biotransformation of PhACs by 
heterotrophs and nitrifiers 

The results obtained with the control assays (Fig. 2) are not enough 
to attribute the biotransformation of PhACs neither to heterotrophs (the 
main metabolic activity of AS1) nor to nitrifiers (the main metabolic 
activity of AS2), since both populations are present in AS1 and AS2 
(Fig. 1). Moreover, the biotransformation mechanisms (i.e., metabolism 
or co-metabolism) behind the removal of the selected PhACs remain 
unknown. Therefore, to clarify the role of heterotrophs and nitrifiers, 
their co-metabolic activities were promoted by separately feeding both 
activated sludges with acetate and ammonium (Table S1). It should be 
noted that a co-metabolic effect implies an increase in the biotransfor
mation rate of PhACs when the metabolic (enzymatic) activity of the 
biomass is promoted by adding a specific growth substrate. However, if 
this effect is not observed, co-metabolic biotransformation cannot be 
ruled out, since the reaction rate increases linearly with the enzymatic 
activity, but just until a threshold concentration of enzyme [49,50]. 
Additionally, the biotransformation rate of a compound is not only 

limited by the metabolic activity of the biomass, but also by other fac
tors, such as reversibility of biological reactions [51,52]. 

Following the classification of PhACs made in Fig. 2, the fate of 
compounds belonging to group (i), (ii) and (iii) in all the biotransfor
mation assays is depicted in Figs. 3, 4 and 5/Fig. S6, respectively. The 
corresponding biotransformation rates are summarized in Table 2. By 
comparing the biotransformation results obtained in the control assays 
(no primary substrate) with the experiments fed with acetate or 
ammonium, a significant (p ≤ 0.05) co-metabolic effect (concomitant 
increase in the biotransformation rate and biological activity) was 
observed for ACM, IBP, NPX and SMX with AS2, and for ERY with AS1. 

3.3.1. PhACs quickly biotransformed 
As depicted in Fig. 3, among the compounds in group (i), the supply 

of a growth substrate (acetate or ammonium) only exhorted a signifi
cantly positive effect in the biotransformation rate of ACM with AS2, 
which raised from 852 µg/g VSS⋅d in the control up to 1950 µg/g VSS⋅d 
in the presence of acetate. Oppositely, a co-metabolic effect was not 
observed for ACM in the assays with AS1, and neither for CAF nor for 
IOP in the assays with AS1 and AS2. The lack of a co-metabolic effect in 
combination with the fast biotransformation rates attained in the control 
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assays, make plausible the usage of these compounds as carbon and 
energy sources by bacteria present in AS1 and AS2. Although more 
detailed studies are needed to support this hypothesis, bacterial strains 
capable of using ACM as sole carbon, nitrogen and energy source have 
been isolated from activated sludge in several studies [10,12]. 
Regarding CAF, its quick disappearance was followed by the formation 
of the N-demethylated metabolites paraxanthine and theobromine, 
which in turn biotransformed later (Fig. S4). Although the TPs of par
axanthine and theobromine were not identified, further N-demethyla
tion of these metabolites is possible leading to the formation of xanthine 
and formaldehyde that can enter metabolic pathways in bacteria [11]. A 
similar pattern in the formation of both metabolites was observed under 
all tested conditions; hence, the same biochemical mechanism is 
responsible for the biotransformation of CAF in activated sludge, 
regardless of the sludge characteristics and biological activities. Based 
on all these experimental observations, it is reasonable to assume that 
ACM, CAF and IOP were biotransformed via direct metabolism. How
ever, the role of co-metabolic biotransformation cannot be ignored 
because organic carbon and nitrogen are also available in the control 
assays due to microbial cell lysis (Fig. S2). Yet, the low co-metabolic 
activities under these conditions might not explain their fast 
biotransformation. 

Whether these PhACs are biotransformed via metabolism, co- 
metabolism, or both, it remains unclear if the responsible microorgan
isms are heterotrophs or nitrifiers. Co-metabolism can be conducted by 
both heterotrophs and nitrifiers, while metabolic transformations of 
organic micropollutants are usually linked to the growth of heterotro
phic bacteria; to date, there are no available studies on metabolism by 
autotrophic organisms [14]. Therefore, both heterotrophs from AS1 and 
AS2 might be involved in the metabolic biotransformation of ACM, CAF 
and IOP. Accordingly, Tran et al. [15] found that heterotrophs are more 
favourable in the biotransformation of ACM and CAF. However, in the 
case of ACM, the increase in its biotransformation when ammonium was 
supplied to AS2 (Fig. 3) suggest that nitrifying activity also contributes 
to the co-metabolic biotransformation of ACM. Rattier et al. [53] found 
that nitrifiers play a role in the biotransformation of ACM and CAF, but 
other populations might be also involved since under the presence of 
allylthiourea only a partial decrease in their removal was observed. 

In the case of the iodinated X-ray contrast media, IOP (Fig. 3), it was 
biotransformed at significantly faster rates with AS2 (3647 µg/g VSS⋅d 
in the control) when compared to AS1 (105 µg/g VSS⋅d in the control), 
as previously shown in Fig. 2. The addition of primary substrates, 
namely acetate and ammonium, did not have a positive effect in its 
biotransformation (Fig. 3 and Table 2). The higher biotransformation 
observed with AS2 agrees with the experiments performed by Batt et al. 
[26] in the Amherst WWTP, which showed that nitrifying sludge might 
be responsible for the biotransformation of IOP. However, they observed 
that IOP biotransformation in AS2 just decreased from 97% to 86% 
when allylthiourea was added to inhibit AOMs; thus, it can be hypoth
esised that other microbial populations of AS2, such as slow-growing 
heterotrophic bacteria might be key in its biotransformation. Actually, 
Liu et al. [7] have already isolated heterotrophic bacteria (Pseudomonas 
sp. I-24) from activated sludge capable of degrading IOP. The findings by 
Kormos et al. [54] also reinforce the hypothesis of slow-growing het
erotrophic bacteria developed at high SRT as main players in the bio
logical removal of IOP, since they have determined high 
biotransformation efficiencies of IOP (> 80%) in a WWTP with nitrifi
cation/denitrification operating at long SRT (16 d). Moreover, Acher
mann et al. [16] found that biotransformation rates of oxidative 
reactions increased with SRT, as it is the case of IOP. 

The proposed biotransformation pathway of IOP (Fig. S5), which is 
based on previous studies [55], indicates that the primary alcohols in the 
side chains of IOP are oxidized to carboxylic acid leading to the for
mation of the detected metabolites TP805A and TP805B, which were 
further oxidized in the remaining primary alcohol group to give TP819. 
A secondary alcohol is then oxidized to form a ketone group (TP817A). 

All these metabolites eventually disappeared after 4 days, but the rest of 
the metabolites measured (Table S4) were not detected. Achermann 
et al. [16] suggest that oxidation reactions might be promoted at high 
SRT and low concentrations of easily degradable carbon (e.g. in AS2) 
due to an increase in the abundance or diversity of monooxygenase 
enzymes, such as cytochrome P450, thereby excluding the nitrifying 
activity as a primary driver of this higher biotransformation. 

Finally, it should be noted that the addition of primary substrates to 
either activate heterotrophs or nitrifiers of AS2 decreased the biotrans
formation rate of IOP (Fig. 3), which fell from 3647 µg/g VSS⋅d to 1627 
and 1210 µg/g VSS⋅d, respectively (Table 2). Similarly, when AS1 was 
fed with acetate and AS2 with ammonium, CAF biotransformation 
slowed down with respect to the corresponding control assays (Fig. 3 
and Table 2). Competitive inhibition between the main growth substrate 
and PhACs could explain this behaviour. That is to say, active sites of 
enzymes catalysing the transformation of IOP and CAF might be more 
occupied when the main growth substrate is available, which of course 
has a higher affinity by the active site. This behaviour was already re
ported for CAF in a soil column [56] and for several PhACs in a moving 
bed biofilm reactor fed with acetate [57]. Likewise, the presence of 
readily biodegradable organic matter has been shown to suppress PhAC 
biotransformation rates under nitrifying and denitrifying conditions 
[30]. 

3.3.2. PhACs slowly biotransformed 
The compounds that are slowly biotransformed (group ii) appear to 

undergo co-metabolism. Results in Fig. 4 and Table 2 show a significant 
(p ≤ 0.05) steep increase in the biotransformation rate of the anti- 
inflammatory IBP (389 µg/g VSS⋅d in the AS2 control assay) that 
occurred when heterotrophs and nitrifiers of AS2 were fed with acetate 
(2006 µg/g VSS⋅d) and ammonium (1921 µg/g VSS⋅d), respectively. 
Therefore, it can be assumed that both slow-growing heterotrophic and 
nitrifying microorganisms of AS2 biotransform IBP by co-metabolism. 
Different studies support these finding: Zhou et al. [9] isolated several 
heterotrophic bacterial strains of Sphingomonas capable of degrading 
IBP in the presence of high concentrations of primary carbon substrates; 
Almeida et al. [5] noticed that the biotransformation rate of IBP by the 
bacteria Patulibacter americanus increased with the primary carbon 
source concentration (higher biomass growth rate); Fernandez-Fontaina 
et al. [17] detected a correlation between nitrification and biotransfor
mation rates of IBP. Additionally, Tran et al. [58] demonstrated the 
involvement of both AOMs (by inhibition with allylthiourea) and het
erotrophic bacteria (by inhibition with sodium azide) in the biotrans
formation of IBP, which was recently confirmed by Peng et al. [59]. 
Therefore, our hypothesis is consistent with previous reports: both 
slow-growing heterotrophs and nitrifiers co-metabolically biotransform 
IBP. Although a co-metabolic effect was not observed in the assays with 
AS1, a notable biotransformation occurred in all of them. This may 
suggest that low activities of heterotrophs with a rapid growth can also 
biotransform IBP, as demonstrated by Kennes-Veiga et al. [18]. 

The biotransformation rate of the macrolide ERY significantly 
increased (by more than 40% and p ≤ 0.05) with respect to the control 
assay with AS1 (195 µg/g VSS⋅d) when the heterotrophic activity was 
promoted by feeding acetate (280 µg/g VSS⋅d) (Fig. 4 and Table 2). A 
similar behaviour was observed by Kennes-Veiga et al. [18], who re
ported a co-metabolic correlation between heterotrophic activity and 
biotransformation kinetics of ERY. This suggests that heterotrophs of 
AS1 are able to co-metabolically remove ERY, although the role of ni
trifying bacteria cannot be completely ruled out, as the biotransforma
tion rate of AS1 also increased significantly (above 50% and p ≤ 0.05) 
when ammonium was fed (298 µg/g VSS⋅d) (Fig. 4 and Table 2). Like
wise, the involvement of nitrifiers in the biotransformation of ERY was 
already reported [17,21]. However, the nitrifying activity in AS1 is very 
low (9 mg N-NH4

+/g VSS⋅d, Table 1), even when ammonium was sup
plied (Fig. 1). Similarly, ERY showed persistent behaviour in all the 
biotransformation assays with AS2 (nitrifying sludge). Therefore, the 
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increment in the biotransformation rate of ERY by AS1 in the presence of 
ammonium cannot be directly linked to a higher nitrifying activity. It 
could be hypothesised that other microbial communities, directly or 
indirectly dependant on ammonium, might be responsible for this 
behaviour. 

In the case of the anti-inflammatory NPX, almost a 10-fold increase 
was achieved in the biotransformation rate when heterotrophs were 
supplied with acetate with respect to the control assay with AS2 (66 µg/ 
g VSS⋅d) (Fig. 4 and Table 2). This statistically significant (p ≤ 0.05) 
difference highlights a main co-metabolic role of slow-growing hetero
trophic bacteria, in agreement with the results obtained by Quintana 
et al. [60] in a membrane bioreactor. Likewise, after an initial lag-phase 
(Fig. 4), the biotransformation rate was 5-fold faster under nitrifying 
conditions than in the AS2 control (Table 2). Thus, nitrifiers might be 
also involved in NPX biotransformation. Some studies found that AOMs 
could biotransform NPX since its removal was inhibited by allylthiourea 
[61], while others did not observe any effect of AOM inhibitors [8]. 
These findings suggest that NPX biotransformation depends on different 
populations or common enzymes involved in the central metabolism of 
several microorganisms [8]. Therefore, it cannot be ruled out that NPX 
might undergo different co-metabolic biotransformation pathways. 
Despite O-demethylation being a common biotransformation pathway 
in activated sludge systems [60], the presence of the corresponding TP 
(O-desmethylnaproxen) was not observed in our experiments. 

3.3.3. Persistent PhACs 
The persistence of CBZ, DCF and TMP was not modified by either 

promoting the heterotrophic or nitrifying activities (Fig. S6). Surpris
ingly, the antibiotic SMX, which was persistent in both control assays 
(Fig. 2), was completely biotransformed when heterotrophs from AS2 
(SRT = 35 d) were fed with acetate after a lag-phase of 2 days (Fig. 5) 
(differences with the control were statistically significant according to 
Student’s t-test; p ≤ 0.05). However, no significant (p > 0.05) removal 
was observed when acetate was supplied to AS1 (Fig. 5), which had a 4- 
fold higher heterotrophic activity (Fig. 2). Therefore, it can be concluded 
that SMX co-metabolic biotransformation is not dependent on hetero
trophic activity in general, but on slow-growing heterotrophic activities, 
as recently demonstrated by Peng et al. [59] in an activated sludge 
reactor with heterotrophic activity and a long SRT (30 d). Likewise, 
Fernandez-Fontaina et al. [28] found that stimulating the heterotrophic 
activity present in nitrifying activated sludge enhances the biotrans
formation of SMX. Additionally, while low removal efficiencies (< 20%) 
of SMX were obtained by Joss et al. [44] with conventional activated 
sludge, higher biotransformation rates were achieved in membrane 
bioreactors with characteristic long SRTs [43]. In contrast, other au
thors, such as Zhou et al. [62], also reported biotransformation of SMX 
by ammonia oxidizers. 

4. Conclusions 

The strategy followed in this study allowed to stimulate the main and 
the secondary heterotrophic and nitrifying activities present in both a 
heterotrophic (developed at low SRT and high C:N ratios) and a nitri
fying (developed at high SRT and low C:N ratios) sludge, by changing 
the feeding characteristics. This novel approach provided new insights 
about the metabolic and co-metabolic role of heterotrophs and nitrifiers 
in the biotransformation of some PhACs in activated sludge systems. 
Moreover, it was an appropriate strategy to elucidate if biotransforma
tion of PhACs was conducted by the main or secondary activities of 
sludge, which is still a disregarded topic in literature. 

In summary, CBZ, DCF and TMP were recalcitrant under all condi
tions tested, hence their biotransformation seems to not depend on the 
heterotrophic or nitrifying activity. The heterotrophic sludge (AS1) 
favoured the biotransformation of ACM and ERY, while the nitrifying 
sludge (AS2) presented a higher capacity to biotransform IOP, NPX, IBP 
and SMX. Therefore, it seems that AS2 possess an enhanced degradation 

capability in comparison to AS1. The latter cannot only be attributed to 
the role of nitrifiers, but also to the slow-growing heterotrophic micro
organisms. Consequently, our results highlight that the main metabolic 
activity of the sludge might not be responsible for the co-metabolic 
biotransformation of PhACs. 

Overall, this study demonstrates that not only the SRT, but also the 
feeding composition exerts a huge influence on the microbial composi
tion and biological activities of the activated sludge and, consequently, 
on its capability to biotransform PhACs. Future research should focus on 
the identification of the specific slow-growing heterotrophic strains that 
biotransform PhACs and the factors that promote their growth, to 
optimize the performance of WWTPs in terms of organic micropollutant 
removal. 
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[23] T. Gallé, C. Köhler, M. Plattes, D. Pittois, M. Bayerle, R. Carafa, A. Christen, 
J. Hansen, Large-scale determination of micropollutant elimination from municipal 
wastewater by passive sampling gives new insights in governing parameters and 
degradation patterns, Water Res. 160 (2019) 380–393. 

[24] P.Y. Nguyen, G. Carvalho, M.A. Reis, A. Oehmen, A review of the 
biotransformations of priority pharmaceuticals in biological wastewater treatment 
processes, Water Res. 188 (2021), 116446. 

[25] D.E. Helbling, D.R. Johnson, M. Honti, K. Fenner, Micropollutant 
biotransformation kinetics associate with WWTP process parameters and microbial 
community characteristics, Environ. Sci. Technol. 46 (2012) 10579–10588. 

[26] A.L. Batt, K. Sungpyo, D.S. Aga, Enhanced biodegradation of iopromide and 
trimethoprim in nitrifying activated sludge, Environ. Sci. Technol. 40 (23) (2006) 
7367–7373. 

[27] P. Falås, A. Baillon-Dhumez, H.R. Andersen, A. Ledin, J. la Cour Jansen, Suspended 
biofilm carrier and activated sludge removal of acidic pharmaceuticals, Water Res. 
46 (4) (2012) 1167–1175. 

[28] E. Fernandez-Fontaina, I.B. Gomes, D.S. Aga, F. Omil, J.M. Lema, M. Carballa, 
Biotransformation of pharmaceuticals under nitrification, nitratation and 
heterotrophic conditions, Sci. Total Environ. 541 (2016) 1439–1447. 

[29] D.R. Johnson, D.E. Helbling, T.K. Lee, J. Park, K. Fenner, H.-P.E. Kohler, 
M. Ackermann, Association of biodiversity with the rates of 
micropollutantbiotransformations among full-scale wastewater treatment plant 
communities, Appl. Environ. Microbiol. 81 (2015) 666–675. 

[30] L. Su, D. Aga, K. Chandran, W.O. Khunjar, Factors impacting biotransformation 
kinetics of trace organic compounds in lab-scale activated sludge systems 
performing nitrification and denitrification, J. Hazard. Mater. 282 (2015) 
116–124. 

[31] L.B. Stadler, L. Su, C.J. Moline, A.S. Ernstoff, D.S. Aga, N.G. Love, Effect of redox 
conditions on pharmaceutical loss during biological wastewater treatment using 
sequencing batch reactors, J. Hazard. Mater. 282 (2015) 106–115. 

[32] M. Pomiès, J.-M. Choubert, C. Wisniewski, M. Coquery, Modelling of 
micropollutant removal in biological wastewater treatments: a review, Sci. Total 
Environ. 443 (2013) 733–748. 

[33] C.E. Bower, T. Holm-Hansen, A salicylate-hypochlorite method for determining 
ammonia in seawater, Can. J. Fish. Aquat. Sci. 37 (1980) 794–798. 

[34] APHA. Standard Methods for the Examination of Water and Wastewater, 21st ed.,, 
American Public Health Association/American Water Works Association/Water 
Environment Federation, Washington DC, USA, 2005. 
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[46] N. Vieno, M. Sillanpää, Fate of diclofenac in municipal wastewater treatment 
plant—a review, Environ. Int. 69 (2014) 28–39. 

[47] P. Verlicchi, M. Al Aukidy, E. Zambello, Occurrence of pharmaceutical compounds 
in urban wastewater: removal, mass load and environmental risk after a secondary 
treatment-a review, Sci. Total Environ. 429 (2012) 123–155. 
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